

Chapter 3 – Black-faced sheathbill ecology in 
response to ecosystem change

”This bird is common on both the Prince Edward Islands and Kerguelen’s Land, and is called ‘wide-awake’ by the sealers. When Mr. Harris first landed, the birds were so tame that he frequently had to kick them out of his way; and when he hid himself behind the rocks, they would come and peep over at him, chattering, and seemingly quite pleased that they had found him ” – F.W. Hutton, 1865
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Black-faced sheathbill (Chionis minor marionensis), 
with metal and darvic rings, Marion Island



Introduction
Islands are important sources of global diversity (Myers et al., 2000; Kier et al., 2009). Though generally low in species richness relative to continental regions (MacArthur and Wilson, 1967; Carlquist, 1974), under sufficient geographic and temporal isolation and often unconstrained by the evolutionary pressures found on continents, high levels of endemism can occur (Grant, 1998; Schluter, 2000). Consequently, islands contain a disproportionate percentage of global terrestrial floral (25 %; Kreft et al., 2008), avian (17 %; Newton and Dale, 2001), mammalian (14 %; Alcover et al., 1998), and reptilian (12 %; http://www.reptile-database.org) diversity, despite representing only 3.6 % of the terrestrial surface of the world. Unfortunately, many of the same forces that promote endemnicity also leave insular biota remarkably vulnerable to rapid ecosystem change (Sadler, 1996; Cronk, 1997). In consequence, most of the world’s contemporary extinctions have occurred on islands (Honegger, 1981; Alcover et al., 1998; Szabo et al., 2012) and they remain the site of most threatened species (Vié et al., 2008). 
The high rate of extinctions on islands is causally linked to the direct and indirect effects of human colonization and visitation (Diamond, 1989; Blackburn and Gaston, 2005; Whittaker and Fernández-Palacios, 2007). Whereas human hunting has been ascribed to a significant proportion of historical extinctions (Steadman, 1995; Duncan and Blackburn, 2004; Loehle and Eschenbach, 2012), alien species, alongside direct habitat alteration on inhabited islands, pose the most significant contemporary threats to insular biota (Clout and Veitch, 2002; Courchamp et al., 2003; Clavero et al., 2009). 
Alien species cause native species losses primarily through direct predation (Atkinson, 1985; Savidge, 1987; Holdaway, 1999; Courchamp et al., 2003; Blackburn et al., 2004; Duncan and Blackburn, 2004, 2007; Towns et al., 2006; Wanless et al., 2007; Jones et al., 2008) and habitat transformation through herbivory (Coblentz, 1978; King, 1985; Morin and Conant, 1998; Donlan et al., 2002; Bergstrom et al., 2009; Brodier et al., 2011) but also indirectly by acting as vectors of disease (van Riper, 1991; Wikelski et al., 2004; Carrete et al., 2009), mutualism disruption (Lammers and Freeman 1986; Robertson et al. 1999; Delgado García 2002), trophic cascades (Schoener and Spiller 1999; O’Dowd et al. 2003; Kurle et al. 2008), and exploitative competition with native species (Case, 1996; Hansen et al., 2002; Harris and Macdonald, 2007; Ruffino et al., 2008; Milazzo et al., 2013). 
Increasingly, another threat in the form of global climate change must also be considered as the pervasive effects of a changing climate are likely to have far-reaching consequences for many island systems. How climate change will impact insular biota is poorly understood, though it has been suggested that island populations are disproportionately vulnerable (Fordham and Brook, 2008). While continental populations may adapt to climate change through dispersal, terrestrial island endemics must adapt to a changing environment through either phenotypic plasticity or evolution (Gienapp et al., 2008; Gilman et al., 2010), which are processes potentially inhibited by decreased genetic variability (Frankham, 1995; Fordham and Brook, 2008). Further, given that most of the world’s islands are under some form of anthropogenic disturbance (Clark and Dingwal, 1985), climate change is likely to interact with multiple global change drivers. For alien species, such interactions are likely to be additive, if not synergistic, as warming climates are largely forecast to increase both the rate and range of colonization and the impacts of already established species (Cannon, 1998; Dukes and Mooney, 1999; Hellmann et al., 2008; Tylianakis et al., 2008; Walther et al., 2009 but see Darling and Côté, 2008). 
A significant effect of climate change may be realized by altering interspecific interactions (Walther et al., 2002), specifically food webs (Petchey et al., 1999; Zarnetske et al., 2012; Cahill et al., 2013). For islands, such interactions are often simpler and thus more prone to disturbance (Elton, 1958; Holt, 1996; Takimoto et al., 2008). Further, the strongest effects of these changes are expected when species lack a coevolutionary history with each other (Urban et al., 2012). Under such scenarios not only the direct but also the indirect effects of alien species may rise in prominence. For example, on more temperate islands, competition is expected to enhance extinction risk as warmer adapted competitors gain an increasing advantage (Norberg et al., 2012; Urban et al., 2012).  Thus climate change has the potential to affect insular biota on several fronts, independently and in synergy with other global change drivers.  The full suite of potential biological interactions under such scenarios makes predicting outcomes difficult. Nevertheless, the outcomes of these interactions have important implications for populations, community structure, and ecosystem functioning (Tylianakis et al., 2007; Harmon et al., 2009; Norberg et al., 2012). Understanding the full complexity of species response to these higher order effects is therefore vital for better prediction and management of island species declines (Didham et al., 2005; Brook et al., 2008).
The black-faced sheathbill (Chionis minor marionensis Reichenow; hereafter sheathbill) of sub-Antarctic Marion Island provides an ideal opportunity to investigate the extent to which climate change and alien species interact to have population-level effects on insular biota.. Marion Island has experienced rapid warming and drying over the past few decades (le Roux and McGeoch, 2008a). Sheathbills are terrestrial endemic shorebirds that forage in penguin colonies in the breeding season, with a significant proportion of the population switching to terrestrial invertebrates in winter after many penguins have left the island (Burger, 1981a). The winter foraging ecology of sheathbills markedly changed between the 1970s and 1990s, possibly due to exploitative competition with invasive house mice (Mus musculus Linnaeus) for terrestrial invertebrate prey (Huyser et al., 2000). Further, rockhopper penguins (Eudyptes chrysocome filholi Hutton), an important foraging resource for breeding sheathbills, are in significant long-term decline (Crawford et al., 2009), possibly driven by climate change (Cunningham and Moors, 1994; Crawford et al., 2003; Crawford, et al., 2008; Dehnhard et al., 2013). Short-term data suggests that such changes to the sheathbill environment have led to a population decline (Huyser et al., 2000), but demographic analysis is lacking and the status of the population unknown. Here I test the hypothesis that the Marion Island sheathbill population is in decline and examine the changes in ecology possibly responsible. In particular, I determine whether the changes in sheathbill foraging behaviour first observed by Huyser et al. (2000) have continued and whether these changes can be associated with a climate-driven increase in competition with invasive mice. I then examine how these changes have affected sheathbill demography, including body condition, breeding, and sex ratio. Finally, I examine if these demographic changes, in addition to differing population trends within different penguin species, have created a source-sink metapopulation dynamic between sheathbills that use different habitats, and its potential long-term consequences. 
Methods
Study area and species
The sub-Antarctic Prince Edward Island group is comprised of larger Marion Island (46°54'S, 37°45'E) (hereafter MI) and smaller Prince Edward Island (46°37'S, 37°55'E) (hereafter PEI). The islands are volcanic in origin and located approximately 2100 km southeast of Cape Town, South Africa. Nineteen km separate the islands at their closest point. The islands have a hyperoceanic climate (mean annual temperature c. 6.5°C, total precipitation of c. 1900 mm), but are currently experiencing rapid climate change. Since the late 1970s, when the effects of global dimming ceased counterbalancing rising temperatures (Hansen et al., 2006), mean annual temperature has increased by approximately 1.8° C (le Roux and McGeoch, 2008b) and the number of frost days has significantly declined (Huyser et al., 2000). Over the same period precipitation has declined by 20% and the duration of dry spells has increased (le Roux and McGeoch, 2008a), leading to a significant reduction in peat moisture content (Chown and Smith, 1993). 
The Prince Edward Islands are characterised by two biomes; polar desert above 650 m a.s.l., and sub-Antarctic tundra below (Chown and Froneman, 2008). Five habitat complexes comprise the sub-Antarctic tundra biome; mire (wet peaty areas), slope (lowland areas with well-drained slopes), biotic (areas manured by seals and seabirds), saltspray (highly saline coastal herbfield), and fellfield (vascular plant cover dominated by cushions of Azorella selago). 
The islands share most of their indigenous species and are relatively depauparate in plant and invertebrate species richness (Chown and Froneman, 2008). However, they are internationally-important breeding sites for a number of seabirds and seals. Twenty-nine seabird species breed or are suspected to breed between the two islands including four species of penguin, five species of albatross, and 15 species of petrel (Cooper and Brown, 1990; McClelland et al., 2013). Marion Island is especially important for penguins and supports 13 % of the global king penguin (Aptenodytes patagonicus Miller) population, 80 % of which is divided between two colonies at King Penguin and Kildalkey bays (Crawford and Cooper, 2003).  The population of the eastern race of southern rockhopper penguin is 17 % of the world population (Ryan and Bester, 2008). Southern elephant seal (Mirounga leonina Linnaeus), Antarctic fur seal (Arctocephalus gazella Peters), and 33 % of the global Sub-Antarctic fur seal (Arctocephalus tropicalis Gray) population are also present on the islands (Hofmeyr et al., 2006). Sheathbills are the lone indigenous terrestrial vertebrate. 
Marion Island has far more invasive species than Prince Edward Island (Chown and Froneman, 2008). The now exterminated domestic cat (Felis cattus Linnaeus) was present from 1949-1991, over which time it was responsible for a significant decline in the Marion Island petrel fauna (van Rensburg and Bester, 1988). House mice were introduced to the island sometime after 1818 (Watkins and Cooper, 1986), continue to persist, and have greatly reduced the biomass of terrestrial invertebrates (Chown and Smith, 1993; Chapter 2). In consequence, Prince Edward Island has significantly higher petrel and terrestrial invertebrate densities than Marion Island (Schramm, 1986; Crafford and Scholtz, 1987).  A comprehensive overview of the biology, geology, and climate of the Prince Edward Islands is provided by Chown and Froneman (2008). 
Sheathbills are sexually dimorphic (the male is 10 % to 15 % larger) long-lived (up to at least 24 years; McClelland and Chown unpublished data) monogamous shorebirds. Movement of sheathbills between PEI and Marion Island has yet to be recorded and the two populations are likely closed to immigration and emigration.  Sheathbills are generally free of predation pressure. Whilst brown skuas (Catharacta antarctica lonnbergi Mathews) occasionally pursue sheathbills, kills are infrequent (Burger, 1982) and increasingly so on Marion Island where skuas are rapidly declining (Ryan et al., 2009). In some respects the Marion Island sheathbill population can be considered two sympatric groups. The first group (hereafter KP sheathbills) forages year-round in continuously-occupied king penguin colonies where they consume mostly the stomach contents of penguins obtained through kleptoparasitism, penguin carcasses, and excreta (Burger, 1984). The second group (hereafter RH sheathbills) occupies eastern rockhopper penguin colonies during their breeding season and their diet is similar to that of KP sheathbills during this period (Burger 1981b; Burger 1984). However, when rockhopper penguins leave the island after their five-month breeding season, RH sheathbills switch to either marine or terrestrial invertebrates for the remainder of the year. For both sheathbill groups, breeding pairs unable to secure a territory will not breed and the number of breeding territories within penguin colonies is considered the limiting factor regulating population growth (Burger, 1979). A large macaroni penguin (Eudyptes chrysolophus Brandt) population (c. 290 000 breeding pairs) is also present on Marion Island, with most birds breeding in one of two large colonies (Crawford et al., 2009). These colonies contain few suitable nesting sites for sheathbills and exceptional penguin densities limit sheathbill movement within them, rendering these areas of little value to sheathbill breeding (Burger, 1979). 
The Marion Island black-faced sheathbill population was previously studied from 1974-78 (Burger, 1979, 1981a), and from 1994-95 (Huyser et al., 2000). Both studies were limited to a small portion of the eastern side of the island and focused primarily on foraging ecology. Between 1976-77 and 1994-95 the number and proportion of sheathbills foraging inland for terrestrial invertebrates declined significantly (Huyser et al., 2000). A corresponding decline in sheathbill body mass and clutch size was also reported, though limited population surveys and a lack of demographic analysis left population trends largely unknown.                         
	For this study, sheathbills were studied in three areas on Marion Island from May 2008 to March 2011 (Fig. 1). The east study area matched that used in previous studies and consisted of 6.5 km of coastline from the weather station to East Cape.  Additional study areas were added to the north (3.6 km, Storm Petrel Bay to Log Beach) and west (6.8 km, Mixed Pickle Cove to Chess Castle Beach) portions of the island for a better understanding of whole-island sheathbill ecology. The east study area was characterized by one large king penguin colony (c. 940 breeding pairs; Archway Bay) and several large beaches. The north study area contained one king penguin colony (c. 1 500 breeding pairs; Log Beach), steep cliffs, and very few beaches. The western study area did not contain a king penguin colony but contained by a considerable degree the largest rockhopper penguin population (Crawford et al., 2003), intertidal zone, and approximately half of the island’s sub-Antarctic fur seal population (Hofmeyr et al., 2006). 
Capture and morphometrics
A total of 1381 sheathbills were captured by hand with a hoop net or foot hook. All birds were given a numbered stainless steel ring on one leg and a numbered darvic colour ring on the other. Measurements taken included body mass (measured to the nearest 5 g with a 1000-g Pesola scale; Baar, Zug, Switzerland), culmen length (exposed culmen to tip of bill), and culmen depth (highest point of the sheath to the under edge of the lower mandible), culmen width (taken at the nostrils). Birds were sexed and aged following Burger (1980). Sex was determined by mate comparison (where the largest bird was assumed male) or beak shape index (BSI; ), where BSI scores above 450 were assumed male. Birds were aged (juvenile; 1 yr-olds, subadult; 2 and 3 yr-olds, and adult; ≥ 4 yr-olds) in the absence of breeding behaviour by facial features. 
Foraging/count surveys
Foraging/count surveys were conducted within each study area from May 2008 to March 2011 at 14-day intervals with methodology following Burger (1981). Counts were conducted on foot with binoculars along the coast, but regular scans were made of inland areas up to 200 m from shore. Counts were conducted in daylight hours but start time and at which end of the study area the survey started varied to limit any diurnal bias in behaviour and habitat use. Sheathbills are curious and approachable so observers wore natural-toned clothing to limit attracting birds or altering their behaviour. Recorded for each bird when encountered was the presence of a ring, ring number, geographic coordinates, the habitat in which the bird was first sighted, and if the bird was foraging as a member of a flock. Foraging habitats included the intertidal zone, king penguin colonies, rockhopper penguin colonies, and four vegetation complexes; salt-spray, slope, mire, and biotic. All three study areas contained between one and three small (> 500 breeding pairs) macaroni penguin colonies. For simplicity, sheathbills within these colonies were considered as foraging in rockhopper colonies as the same birds made use of both resources.  Biotic sites were further classified to include the marine species (albatross, penguin, fur seal, etc.) likely responsible for manuring whenever possible.  Birds that were encountered bathing, in flight, in the base area, and in loafing crèches were included in population counts but removed from foraging analyses. Incubating or brooding birds were assigned to the foraging habitat of their mate. Survey duration, sea height, wind speed, temperature, and precipitation were recorded for all surveys. 
Whole-island winter (August/September) surveys of sheathbills were conducted over the course of seven to ten days in 2008, 2009, 2010, and 2011. Surveys were conducted by between two and four independent observers within no more than two weeks of one another. Methods followed those of the fortnightly study area surveys. As sheathbills can be difficult to age by external features alone (Burger, 1980), especially in the absence of close examination, counts estimated absolute population size and did not differentiate between age classes.  
Single classification analysis of variance (ANOVA) and Tukey’s honestly significant difference tests (Tukey’s hsd; α < 0.05) were used to test for differences between the three sheathbill study periods (1976-77, 1994-95, and 2008-11) in terms of the total number of sheathbills, and the number of sheathbills in each habitat in the east study area. Each season (winter; May to October, summer; November to April) was analyzed separately. The three study periods differed in their classification of vegetation habitats. Therefore, to test for differences between the three study periods the four vegetation habitats (biotic, saltspray, mire, and slope) were combined into a single habitat (coastal and inland vegetation) for analyses.  However, a comparison using the four separate vegetation habitats was possible between 1976-77 and 2008-11 data and used two-sample t-tests. To compare the proportion of sheathbills foraging in each habitat in each season the data were logit-transformed prior to analysis following Warton and Hui (2011). Shapiro-Wilk Normality Tests rejected the assumption of normal distribution in one-half of transformed datasets (Supplementary Table A1). Mann-Whitney-Wilcoxon (MWW) tests for nonparametric data were therefore used after confirming no meaningful difference between t-tests and MWW tests for the parametric datasets (Supplementary Table A2:A3).  Analyses were performed in the statistical software R 2.15.0 (R Development Core Team, 2010).
Energetics
To explore possible links between changes in sheathbill winter foraging behaviour and changes to the Marion Island environment, the caloric energy in the form of macro-invertebrate prey, currently and historically available on Marion Island was first estimated. As 85 % of all sheathbills foraging for invertebrates traditionally did so in the mire and biotic vegetation (Burger, 1982), the analysis focused on these two habitats. For each habitat  the mean winter biomass of the five main prey groups upon which sheathbills forage (soil annelid worms, lepidopteron larvae, weevil adults, weevil larvae, and spiders; Chapter 2) was taken and multiplied by its caloric value (Burger, 1978). Sampled years were 1976-77, 1996-97, and 2006-07.
	The total standing crop of invertebrates in each habitat will not be available to sheathbills because of competition with invasive mice, which have been and remain primarily consumers of invertebrates (Gleeson and van Rensburg, 1982; Chown and Smith, 1993; Smith et al., 2002; Chapter 2). Therefore, to better estimate the amount of energy in the form of invertebrate prey available to foraging sheathbills the amount removed by invasive mice was also estimated. The mean winter density of mice in each habitat in 1979-80, 1992-93, and 2008-11 (Chapter 2) was multiplied by the estimated energy requirements of Marion Island mice (Rowe-Rowe et al., 1989, adjusted by a more accurate estimate of mouse energy assimilation; Johnson et al., 2001). Changes in mouse body mass and diet composition for each time period (Gleeson and Van Rensburg, 1982; Smith et al., 2002, Chapter 2) were accounted for. It must be noted that mouse density estimates for 1979-80 were based on a modified Petersen Index and are likely an overestimate of true density, whereas estimates from 2008-11 were based on spatially explicit capture recapture methods and likely unbiased (Efford et al., 2004).
Next, the energy requirements of RH sheathbills during the winter season were estimated. Field metabolic rate (FMR) includes the basal rate of metabolism (BMR), and the energetic costs of thermoregulation, locomotion, foraging, digestion, growth, reproduction, as well as all energy expenditures that eventually end up as heat production (Nagy, 1987). The FMR  of sheathbills has yet to be directly measured, but several bioenergetic models exist to estimate FMR for birds, among which allometric equations and time-energy-budget analysis are the most common and straightforward (Fort et al., 2011). Considering that most allometric equations are based on the FMR of breeding birds (Nagy et al., 1999), a time-energy-budget analysis was chosen for wintering sheathbills. Time-energy-budget analysis integrates the time an animal devotes to different activities and the energy expenditures associated with each activity, often expressed as a multiple of BMR. The analysis used time activity data collected from wintering RH sheathbills when the population still foraged primarily for invertebrates (Burger, 1982), the mean BMR observed for RH sheathbills (Chapter 4), and the expense of each activity as estimated by Burger (1981b), with the exception of thermoregulation which was recalculated to reflect changes in sheathbill body mass. Sexes were pooled considering male and female sheathbills do not significantly differ in BMR (Chapter 4) or foraging activity (Burger, 1982).
Body mass
Long-term changes in sheathbill body mass were tested for each season (early summer; November to January, late summer; February to April, early winter; May to July, and late winter; August to October). RH and KP sheathbills were analysed separately and analysis was limited to confirmed breeders in the east study area to minimize bias. The breeding habitat of individual sheathbills in 1994-95 could not be determined. However, as the majority of measured birds were taken outside of the king penguin colonies (O. Huyser personal communication), all birds from that year were considered RH sheathbills. As measurements in 1994-95 were limited to early summer, an ANOVA and Tukey’s hsd test (α < 0.05) was used for comparisons that included all three study periods. All other comparisons used a two-sample t-test. 
Breeding biology
Sheathbills nest in rock crevices and earthen burrows of varying degrees of accessibility.  Attempts were made to locate all active nests in each study area. However some areas in the west study area could not be monitored due to high rockhopper penguin densities. Occupied nests were checked at 7-day intervals between December 1 and March 1. For each nest in which the nest bowl was accessible I recorded clutch size in 2008-09 and 2009-11. Chicks were not handled during the 14-day brooding stage when chick mortality is highest (Burger, 1979). Chicks were monitored until fledge and measurements taken ad hoc once chicks became mobile because of their ability to hide in inaccessible crevices when disturbed. 
Sex ratios
Sex ratio is an important demographic parameter, especially in monogamous species (Bessa-Gomes et al., 2004). Population studies that fail to account for adult sex ratio (ASR) may systematically over- or underestimate the reproductive population size if the sex ratio is skewed (Newson et al., 2005). Further, there is often a correlation between the ASR and population trends and habitat quality and thus may be an indicator of a species conservation trend or conservation status (Donald, 2007). Similarly,  changes in primary (at lay), secondary (at hatch) and tertiary (at fledge) sex ratios have been reported in several bird species in response to changes in habitat quality (Wegge, 1980; Williams et al., 1993; Komdeur et al., 1997). Sex allocation theory predicts that if prevailing ecological or social circumstances differentially influence the fitness benefits of offspring of each sex, parents should adjust their production to maximize their own fitness (Trivers and Willard, 1973). In size-dimorphic birds such as sheathbills, the larger sex is more “costly” to raise and can have a higher mortality during the nestling period. Therefore, in these species, females in poor condition may skew the brood sex ratio in favour of the less expensive sex.
Adult sex ratio was measured as the ratio of sexually mature (post-third year) males to females ringed in the three study areas.  As sheathbills have stable pair bonds, are not known to skip a breeding season, and both sexes share maturation, reproductive, and survival rates, the ASR was considered synonymous with operational sex ratio (OSR), the ratio of male to female individuals that are ‘‘ready to mate’’ at a given time (Emlen and Oring, 1977; Clutton-Brock and Parker, 1992).  
Sheathbills cannot be accurately sexed by external measurements until they reach adulthood. Secondary sex ratios were measured in 2010-2011 by collecting a growing feather (5th or 6th primary) from all possible chicks after the 14-day brooding period. Feathers were stored in 80% ethanol and frozen until DNA extraction. For sex determination, a universal PCR protocol was used to amplify homologs of the chromo-helicase-DNA-binding genes (CHD; Griffiths et al. 1998). PCRs were done in 10 µL volumes, each containing approximately 100 ng of genomic DNA, 200 µM of each dNTP (AB gene, supplied by Southern Cross Biotechnologies, Cape Town, South Africa), 5 pmoles of each primer, 1 U Taq DNA polymerase (Super-Therm JMR-801, Southern Cross Biotechnologies, Cape Town, South Africa), 1 × PCR reaction buffer, 1.5 mM MgCl2, and 0.1 µL BSA (10mg/ml). PCR cycling was done at initial denaturation of 95° C for 3 min, followed by 30 cycles at denaturation at 95° C for 15 s, annealing at 49° C for 30 s, elongation at 72° C for 15 s; and final extension at 72° C for 10 min. Amplified DNA fragments were run a 3% agarose gels at 100V for four hours and inspected under UV light. Female birds have one W and one Z chromosome, whereas male birds have two Z chromosomes. Because CHD copies on Z and W chromosomes differ in length, female birds show two distinct bands and male birds a single band following separation on agarose gels (Supplementary Figure A1). 
A generalized linear model (GLM) with a binomial distribution and a logit link was used to examine potential sex ratio bias, the relationship between secondary sex ratio and extrinsic factors, and differences in male and female nestling survival, following Wilson and Hardy (2002). For secondary sex ratio analysis, partial broods (where one nestling died or disappeared before sampling) were included, following Fiala (1980). Explanatory variables were then sequentially excluded in order of  decreasing  significance  until  only  terms  with  p<0.1 remained  in  the  model. Excluded terms were then re-entered one by one in the final model to confirm that they did not explain a significant part of the variation. The full model included female body mass, study area, and habitat type (king or rockhopper penguin colony). 
Survival
Apparent survival rates of sheathbills were estimated using capture–recapture Cormack-Jolly-Seber (CJS) open population models (Lebreton et al., 1992). Sheathbills were separated into three age classes (juveniles; 0-1 years of age, subadults; 2-3 years of age, and adults; ≥ 4 years of age). Survival was estimated at seasonal (winter; May to October, summer; November to April) intervals to account for the possibility that survival rates vary throughout the year. Transients are individuals that leave the study area after first capture and thus have a subsequent local survival probability equal to 0 (Pradel et al., 1997). Some sheathbill juveniles are highly transient post-fledge which has the potential to severely bias survival estimates (Choquet et al., 2009).  The analysis of first year survival was therefore limited to birds that had been ringed prior to fledge.  Directional tests (Z-tests) in the program U-CARE 2.2.5 (Choquet et al., 2005) showed no transient effects in juveniles, subadults or breeding adults. 
Apparent survival of breeding and non-breeding sheathbills was analyzed separately after preliminary analysis found these birds to be influenced by different environmental parameters. Nonbreeding sheathbill survival was estimated using a three-age-class model. Model selection started from the model ϕ(age*t), p(habitat*t), where ϕ represents local survival rate, p represents the encounter rate, and t represents a six-month time interval. This was the most general model that supported the data. A goodness-of-fit test using the median  approach in program MARK 6.2 (White and Burnham, 1999) showed that the starting model fitted the data well and overdispersion was low (estimated  = 1.28). Breeding sheathbill survival was started with the CJS model ϕ(habitat*t), p(habitat*study site*t), which yielded a median  estimate of 1.37. The median  estimate was used for each respective model to correct the confidence intervals of my parameter estimates. All models were constrained to yield mean seasonal survival estimates. Model selection was based on Akaike’s Information Criterion adjusted for overdispersion and sample size (QAICc, Burnham and Anderson, 2002). Model-averaged parameter estimates are presented to account for the model selection uncertainty (Burnham and Anderson, 2004). All models were run in program MARK 6.2 (White and Burnham, 1999).
Matrix population model
The Marion Island sheathbill population growth rate was estimated using a two-sex matrix projection model (Caswell, 2001). A two-sex model was chosen because a female-biased sex ratio was observed in the adult population and the breeding rates of sheathbills may therefore vary with sex. It was assumed that male breeding is limited by the number of available breeding sites, whereas female breeding is limited by the availability of breeding males.  The model assumed a pre-breeding census, an annual projection interval, and that all sheathbills breed at 4 years of age (Burger, 1979). The model is:
nt+1 = Ant
(equation 1)
where n is a vector with the number of individuals in each age-class in month t, and A is the projection matrix:

(equation 2)
The matrix consists of 4 blocks of dimension 3x3. The upper left block describes the dynamics of the female segment of the population (subscript f), the lower right block describes the male segment (subscript m), the lower left is the females’ contribution to sons, and the upper right is the males’ contribution to daughters. In this study, άm is the probability of an individual male breeding. Two subadult stages (2-yr old subadult; subscript 2, 3-yr-old subadult; subscript 3) and one adult stage (subscript 4) were distinguished for each group. Transitioning from one age class to another depends on survival (ϕ) in winter (subscript w) and summer (subscript s). F describes the production of daughters (subscript d) and sons (subscript b) by females and males. To give an example of how these terms are calculated: 

(equation 3)
where fd is the number of daughters produced by females, ϕf1w and ϕf1s are survival of juvenile (subscript 1) sheathbills in winter and summer, respectively. The last term is the birth function which assumes that the rarer sex limits reproduction, where  is the number of adult females and  the number of adult males. The other fertility functions (Fmd, Ffb, Fmb) were identical to equation (2) with ϕ and n replaced by the appropriate terms. This particular birth function was chosen because sheathbills require the full commitment of both parents in order to raise a successful brood. 
The matrix model is non-linear. F depends on the population vector n, making it frequency-dependent but not density-dependent (Caswell and Weeks, 1986). Its dynamics thus depend on the sex ratio, but are independent of the absolute values of n. Simulations were preformed to estimate the population growth rate λ (Morris and Doak, 2002). Simulations started with a total population size of 1, and recorded the population growth rate after iteration 500, at which point a stable age and sex distribution had always been reached. The confidence interval for λ was calculated using parametric bootstrap methods. For each demographic parameter in the model, 10 000 random values were drawn from a normal distribution (on the logit scale) with mean and variance equal to the observed values. With these values, 10 000 matrices were reconstructed and log(λ) was calculated for each of them. After sorting these values by magnitude, the 250 and 9750 bootstrap replicates represent the lower and upper 95% confidence limit. 
	 The matrix model used the model-averaged seasonal (six-month) survival rates for the three age classes (juvenile, subadult, adult) from the capture-mark-resighting models. A common survival rate was used for subadult age classes (2 and 3 yr-olds) because these stages were not distinguishable in the field and because the study was too short to have enough birds of precisely known age in the age class.  The age structure of the sheathbill population was estimated as the mean proportion of adults and subadults ringed in the three study areas applied to the whole-island population estimate. Production of male and female fledglings in each of the two habitats was estimated as the mean number of fledglings produced per nest between the three study areas multiplied by the tertiary sex ratios observed in 2010-11. The probability of breeding for male sheathbills was estimated as the sum total of available breeding sites divided by the total number of adult males on the island. To estimate the number of available sheathbill breeding sites in rockhopper penguin colonies the total number of rockhopper breeding pairs (Crawford et al., 2009) was divided by the mean number of rockhopper penguins per sheathbill breeding site in the study areas. This is because suitable nesting structures such as crevasses are abundant in these areas and the number of breeding territories is presumably dictated by penguin densities.  The number of available sheathbill breeding sites in king penguin colonies was estimated from winter counts of breeding pairs. This is because suitable nesting sites in these areas are rare and the limiting factor for sheathbill breeding in these areas (Burger, 1979). Because vital rates differed between RH and KP sheathbills, whole-island values were calculated using a weighted mean to account for the disparity between RH and KP sheathbill population sizes.  
Metapopulation model
Preliminary analysis found the population growth rate to differ between habitat types, with negative and positive growth rates amongst RH and KP sheathbills, respectively, suggesting a source-sink dynamic (Pulliam, 1988). In order to explore this potential dynamic the matrix model described earlier was extended to allow movement of RH and KP sheathbills between the two habitats (Fig 2). It was assumed that movement occurred only between age classes 3 and 4, before the onset of maturity. The number of KP sheathbill breeding sites was assumed to be fixed and that any excess KP sheathbills moved into rockhopper penguin colonies and became RH sheathbills. Similarly, RH sheathbills could move into king penguin colonies if nest sites were available. 
In addition, the number of rockhopper penguins on Marion Island has declined significantly over the past several decades (Cooper et al., 1997; Crawford et al., 2003, 2009). At the current estimated rate of decline, the number of birds on Marion Island may be halved within 15 years, and again in 30. It is unknown if there is a direct relationship between changes in penguin density and the number of breeding RH sheathbills. However, rockhopper penguin density undoubtedly has a considerable effect (Burger, 1979) and declines in penguins will eventually lead to declines in the number of sheathbill breeding sites. Therefore, in addition to the baseline model, sheathbill responses to scenarios of 50 % (n = 500) and 75 % (n = 250) reductions in available RH sheathbill breeding sites were projected.
All model projections were run for a 300-year time period and assumed that demographic rates did not change over time. All matrix analyses were performed in the statistical software R2.12.0. R code for the analyses is provided in Appendices D (population model) and E (metapopulation model).
Results
Foraging Behaviour 
The total number of sheathbills in the east study area was significantly lower in 1994-95 and 2008-11 than in 1976-77 in both winter (F(2,65) = 35.53,  Tukey’s hsd, p = <0.001, n = 68) and summer (F(2,64) = 71.63, Tukey’s hsd, p = <0.001, n = 67, Fig 3a). Winter use of vegetation was significantly lower in 1994-95 and 2008-11 than in 1976-77 (F(2,65) = 33.73,  Tukey’s hsd, p = <0.001, n = 68). There was a significant difference in summer use of vegetation between 1976-77 and 2008-11 (F(2,64) = 6.51, Tukey’s hsd, p = 0.003, n = 67).  The number of sheathbills using the intertidal zone did not differ between study periods. Winter use of rockhopper colonies was significantly higher in 1976-77 than in 1994-95 (F(2,65) = 12.77, Tukey’s hsd, p = 0.002, n = 68), and 2008-11 (Tukey’s hsd, p = <0.001). The number of sheathbills overwintering in king penguin colonies was significantly higher in 2008-11 than in 1976-77 (F(2,65) = 25.52, Tukey’s hsd, p = <0.001, n = 68), and 1994-95 (Tukey’s hsd, p = <0.001).  There was no significant difference in the number of sheathbills in king penguins colonies in the summer season between 1976-77 and 2008-11, but 1994-95 was significantly lower than the other two study periods (F(2,64) = 3.68, Tukey’s hsd, p = <0.001, n = 67). 
Comparisons between 1976-77 and 2008-11 using a more comprehensive habitat classification revealed further significant changes in sheathbill foraging (Table 1). In the winter season, the number of sheathbills foraging in king penguin colonies increased by 75.7 % between study periods. Due to the overall decline in sheathbill numbers within the study area, this equated to a 279.5 % increase in the proportion of sheathbills utilizing the resource.  Conversely, foraging for terrestrial invertebrates within all vegetative habitats declined significantly.  The number and proportion of sheathbills in biotic vegetation declined 81.5 % and 83.0 %, respectively. The mire habitat suffered the greatest relative decline, with a 96.3 % reduction in both the number and proportion of sheathbills. 
Changes in sheathbill summer foraging were also significant.  The number of sheathbills foraging in king penguin colonies was unchanged, as was the number of birds utilizing the intertidal zone. However, because the total number of birds in the study area declined, the proportional use of these two habitats increased 32.8 % and 95.4 %, respectively. Conversely, the number and proportion of sheathbills foraging in rockhopper penguin colonies declined by 67.7 % and 67.0 % respectively. The number of birds foraging for terrestrial invertebrates during the summer season also declined, with 68.9 % and 50.0 % fewer birds in the biotic and mire habitats, respectively. 
Foraging surveys in the North and West study areas and whole-island winter surveys in 2008-11 confirmed the low contemporary importance of the mire habitat to sheathbills (Supplementary Tables A4:A5). In no study area did the proportion of sheathbills foraging in mire habitat exceed 3.0 % (± 4.6; West study area, n = 23), with an island mean of 1.1 % (± 0.9, n = 4). The mean island proportion of sheathbills in biotic and saltspray habitats in winter was 10.4 % (± 5.5, n = 4) and 6.9 % (± 2.5), respectively, but were largely restricted to where significant marine mammal populations were present. For example, in the West study area 21.8 % (± 16.6, n = 23) and 19.6 % (± 17.3) of sheathbills foraged in the biotic and saltspray habitats, respectively. However, this high level of use was limited to Fur Seal Peninsula which undoubtedly benefits from the manuring of c. 40 000 sub-Antarctic fur seals. 
Energetics
The mean monthly energy (kJ ha-1) available in the form of macroinvertebrates between 1976-77 and 2006-07 declined significantly (Table 2). If all winter months (May-October) are considered collectively, mean available energy declined by 96.6 % and 83.7 % in the mire and biotic habitats, respectively. Over the same period, the monthly energy collectively consumed by invasive mice increased by 523.3 % in the mire habitat, but declined by 12.5 % in the biotic. The mean winter body mass of a RH sheathbill in 2008-11 was 447.5 g. The time-energy-budget analysis estimated a daily FMR of 571.2 kJ d-1 ind-1, or 17 422 kJ month-1, for RH sheathbills. Based on this estimate, and the mean monthly available energy from macroinvertebrates (Table 2), the mean monthly standing crop over a 1 ha area of the mire habitat is currently insufficient to meet the energetic needs of a single sheathbill at certain times of the year (July-August). In the biotic habitat, one sheathbill would require no more than 3.3 % (September-October) of the monthly standing crop over the same area. However, mice were estimated to collectively remove a significant amount of invertebrate biomass from both the mire (100 % in all months) and biotic habitats (7.0 %, 8.2 %, and 25.6 % in May-June, July-August, and September-October, respectively; Table 2). 
Body mass
The mean body mass of breeding RH females in early summer was significantly lower in 1994-95 and 2008-11 when compared to 1976-77 (F(2,46) = 4.32, Tukey’s hsd, p = <0.02, n = 49; Table 3).  A significant decline between 1976-77 and 2008-11 was also observed in the remaining three seasons (t27 = 2.28, p = 0.03, late summer; t23 = 2.14, p = 0.04, early winter; t19 = 4.25, p = 0.001, late winter). Female KP sheathbill body mass was also lower in 2008-11 than 1976-77 throughout the years, but only significantly so in early winter (t38 = 2.14, p = 0.05). By contrast, there was no significant difference in mean body mass between years for breeding male RH or KP sheathbills, with the exception of late summer season where mass declined significantly in both RH (t21 = 2.40, p = 0.03)  and KP males (t39 = 2.23, p = 0.03). 
Population size and structure
The absolute winter sheathbill population was approximately 4 000 individuals. Population estimates between years did not significantly differ (Table 4). 
The adult sex ratio in 2008-11 was significantly biased in the eastern study area (72 males, 131 females, = 17.15, p = <0.001) and the island as a whole (292 males, 393 females, =  14.89,  p = <0.001). In total, 134 chicks from 97 nests were genetically sexed in 2010-11 (Table 5). Both the secondary (42 males, 91 females, = 18.05, p = <0.001) and tertiary (34 males, 85 females, = 21.86, p = <0.001) sex ratios were significantly biased.  Habitat and study area did not significantly influence primary sex ratio. However, there was a significant positive relationship between the production of males and female body mass (coefficient = 0.200 ± 0.006, = 13.00, p = <0.001, n = 128). Post-brooding survival of male and female nestlings differed significantly amongst RH sheathbills (= 47.08, p = 0.005, n = 92), but not KP sheathbills (Table 6). 
Breeding and survival
Preliminary analyses found significant differences in several breeding parameters between sheathbills breeding in the two habitat types in 2008-11. This makes changes in breeding difficult to assess as previous studies did not consistently differentiate between habitat types. Nevertheless, referring only to the eastern study area, sheathbill clutch size was significantly smaller in 1994-95 and 2008-11 than in 1976-77 (Table 5). However, changes in mean fledglings per nest, while lower, were not significant. Non-breeding sheathbill survival model selection favoured models that distinguished between age classes, habitat type, study area, and season (Table 7). In general, survival of immature age classes was higher among KP sheathbills than RH sheathbills (Table 8). Recapture probabilities varied between age classes, study area, habitat, and six-month recapture period and ranged from 0.313 (95 % CI = 0.227 – 0.415) to 0.971 (0.934 - 0.987) in non-breeders, and 0.539 (0.405 – 0.667) to 0.991 (0.969 – 0.998) in breeding adults. 
Population growth rate and projections
Estimates of mean demographic rates for Marion Island sheathbills used in matrix population models are presented in Table 8. The population growth rate (λ) obtained by the matrix population model (equations 1 and 2) using the mean observed values for survival and reproduction indicated a 3.0 % per annum decline in the breeding population (λ = 0.970, bootstrap 95 % CI = 0.940 to 0.990).    
	The projection model predicted that at current vital rates the number of adult males on Marion Island, and therefore breeding pairs, will decline by 34.8 % by year 20, with a 60.8 % decline by the end of the projection (Fig 4). The number of adult females was predicted to initially increase, peaking at 10.1 % above starting values in year 26 before declining. Adult sex ratio was predicted to stabilize at 73.9 % female by year 88. The absolute number of sheathbills was predicted to decline, but by a rate three times slower than that of adult males over the first 25 years. Declines in the number of sheathbill breeding sites in rockhopper penguin colonies by 50 % and 75 % were predicted to decrease the number of potential breeding pairs by 13.0 % and 17.0 %, respectively, by the end of the projection.   
Discussion
Sheathbill foraging ecology
In keeping with 1994-95 observations (Huyser et al., 2000), the current study confirmed that the importance of terrestrial invertebrates as a winter prey resource for sheathbills on Marion Island has significantly declined. Considering the vegetation habitats collectively, the number and proportion of sheathbills foraging for terrestrial invertebrates declined by 80.8 % and 79.7 %, respectively, between 1976-77 and 2008-11 (Table 1). Terrestrial invertebrates formerly supplied approximately 25 % of sheathbill annual energy needs (Burger, 1978) and upwards of 60 % of birds foraged in large flocks in the inland vegetation during the winter season (Burger, 1981a). In 2008-11 sheathbill use of these habitats was either greatly reduced (biotic) or largely incidental (mire, Table 1). Further, this behavioural shift was not exclusive to the eastern study area but rather a reflection of island-wide change. The underlying mechanism for such a shift is undoubtedly the loss of terrestrial invertebrate prey to invasive mice as first speculated by Huyser et al. (2000). Long-term data of invertebrate biomass confirms a significant decline in all major macro-invertebrate prey groups in all terrestrial habitats as a direct result of mouse predation (Chapter 2). Further, energetic modelling demonstrated that mice remove a significant proportion of the standing crop in both the biotic and especially mire habitats, effectively displacing sheathbills. The dramatic decline in soil worms (potworms and earthworms; Enchytraeidae and Microscolex kerguelarum) specifically has likely had the largest impact on sheathbill foraging. Once contributing up to half of all invertebrates consumed by sheathbills by mass (Burger, 1978), soil worm annual biomass declined 88.0 % and 85.0 % in the biotic Poa cookii and Cotula plumosa vegetation respectively between 1976-77 and 2006-07 (Chapter 2). Moreover, in mire vegetation, annual biomass in Jamesoniella colorata declined 94.3 % and dropped below sampling detection in Sanionia uncinatus over the same period. 
Mice have been present on Marion Island for almost 200 years. However, the scale of mouse impacts on the Marion Island ecosystem has greatly increased in the past few decades. It has recently been demonstrated that peak mouse densities on the island have greatly increased due to the local effects of global climate change (Chapter 2). As Marion Island has become warmer and drier, mice have increased the length of their breeding season by as much as three months in some habitats. Initiating the breeding season earlier increases the possibility of adding additional sexually mature cohorts to the population before the end of the breeding season, greatly increasing the peak population density. In addition, drying may increase the value of formally marginal habitat.  As a result, ameliorating conditions brought on by climate change have lead to a 145.6 % increase in invasive mouse numbers over the past decade (Chapter 2). While evidence suggests minor shifts in their diet, mice continue to forage primarily on invertebrates of which they are the primary drivers of biomass. Thus, through a climate-driven population increase, invasive mice have displaced a native species from a foraging resource through exploitative competition.
The significant increase in the number of sheathbills overwintering in king penguin colonies is almost certainly in response to the loss of terrestrial invertebrates and not an increase in penguins, as that population has remained relatively stable over time (Crawford et al., 2009). Further, the shift from the terrestrial vegetation to king penguin colonies was not limited to the eastern study area but appears to be island-wide. For example, the mean number of sheathbills recorded during winter surveys at the largest king penguin colony (Kildalkey Bay) increased from 222.7 (± 70.8 SD) in 1994-1996, to 525.2 (± 63.0) in 2008-11. Currently, king penguin colonies are the most important wintering habitat on Marion Island, with 43.8 % of all birds (Fig. 3). Paradoxically, the total percentage of sheathbills in king penguin colonies in 1976 was estimated as 48% (Burger, 1981a). However, this estimate was compiled from surveys that included days with snow cover and some counts may not have been accurate (A. Burger, personal communication). Such conditions may have forced sheathbills from the vegetation into penguin colonies, while also making it difficult to observe the white-plumaged birds in snow-covered areas.
 Ad hoc surveys of the large king penguin colonies at Kildalkey and King Penguin bays suggest many wintering sheathbills leave these large colonies for rockhopper penguin colonies during the breeding season. Despite infrequent surveys that were restricted to the periphery of colonies, 9.7 % of all sheathbills ringed in the three study areas were resighted at least once in one of these two colonies. Of those birds, 73.8 % were adults and 39.2 % were confirmed breeders from one of the three study areas. Further, distance from colonies did not appear to inhibit visitation, with 38.5 % of resighted birds, and 50.0 % of resighted confirmed breeders, originating in the west study area on the opposite side of the island. Breeding adults on Marion Island previously remained within 1 km of breeding territories throughout the year (Burger, 1979), as do sheathbills on other islands (Jouventin et al., 1996), suggesting these cross-island seasonal movements are a novel response to low winter food availability. 
The shift in focus towards king penguins had a significant cost to sheathbill winter resources, at least in all but the two largest king penguin colonies. Whereas the mean number of penguins per sheathbill was estimated to be 48.0 in 1974-77 (Burger, 1984), the 2008-11 estimate was 29.0, a 39.6 % decline in potential foraging resources.  
The decline in sheathbills foraging in rockhopper penguin colonies during the breeding season was significant and parallel with population declines in that species. The number of rockhopper penguin breeding pairs on Marion Island decreased by between 63 % and 74 % from 1994-95 to 2008-09 (Crawford et al., 2009), reflecting a recent global decline (Cunningham and Moors, 1994; Pütz et al., 2003; Cuthbert et al., 2009; Dehnhard et al., 2013). The mechanisms for such a wide-scale reduction in penguin populations are unclear, but have been linked to changes in primary productivity and krill stocks (Cunningham and Moors, 1994; Hilton et al., 2006; Cresswell et al., 2008), which in turn are changing in response to changes in climate and sea ice conditions (Fraser and Hofmann, 2003; Atkinson et al., 2004; Siegel, 2005). Increased predation pressure from a growing fur seal population has also been suggested for some islands (Cuthbert et al., 2009). Despite significantly fewer sheathbills foraging in rockhopper colonies, the number of penguins per sheathbill was reduced from an estimated 180.0 in 1974-77 (Burger, 1981b) to 74.0 in 2008-11, a decline of 58.9 %.  Further, because sheathbills benefit from the increased kleptoparasitism opportunities and excreta associated when more penguin nestlings persist to fledge, the associated long-term decline in penguin breeding success (Crawford et al., 2008) undoubtedly compounds the loss in penguin numbers.
Condition, breeding, and sex ratios 
Body mass has been shown to be a reliable index of body condition in birds (Schamber et al., 2009; Labocha and Hayes, 2011). The general decline in sheathbill body condition, as indicated by changes in mass, corresponded with the decline in overall food abundance, but the effects were not uniform. Female RH sheathbills were in significantly poorer condition in 2008-11 than in 1976-77 throughout the year, with the decline most significant in late winter.  RH sheathbills previously maintained or even gained in mass whilst foraging on terrestrial invertebrates (Table 3) suggesting that the loss of this resource becomes more costly as the winter progresses.  The parallel decline in female KP sheathbill body condition was most likely also the result of the decline in terrestrial invertebrates, but in another form. As sheathbills that formally foraged on terrestrial invertebrates moved to overwinter in king penguin colonies, the number of penguins available per sheathbill also declined. That males failed to decline in body condition in most seasons is possibly due to being larger and more aggressive than females (Burger, 1980). Larger males outcompeting females for scarce resources is not uncommon in birds (Benkman, 1997; Marra and Holmes, 2001; Donald et al., 2007). Within sheathbills, though breeding pairs cooperate to defend their territories, males are dominant within the pair and feed first. Indeed, male KP sheathbills were observed on several occasions chasing their mate from newly available food, including during the egg formation period when a pair’s reproductive success largely  depends  on  a female’s  access  to  food  (Martin, 1987). The same size advantage may give RH sheathbill males more foraging options during the winter season as they were more likely to be resighted in king penguin colonies than females. For example, 69.4 % of western study site birds resighted in king penguin colonies were adult males. Resight surveys suggest such visitations may have lasted only one or two weeks and were possibly “maintenance trips”. Thus, changes in body condition demonstrate how the consequences of declining food abundance are disproportionate amongst sheathbills, with the smaller females bearing the brunt of change.  
Despite a significant impoverishment of foraging resources and a decline in female body condition, the reproductive output of Marion Island sheathbills did not significantly decrease between study periods.  Life history theory predicts that the reproductive decisions of an individual should be adapted to both intrinsic (e.g., body condition, number of offspring) and extrinsic (e.g., weather conditions, habitat quality) properties (Stearns, 1992). When faced with suboptimal environmental conditions, long-lived species such as sheathbills are predicted to modify their breeding effort rather than jeopardize their future reproductive value (Drent and Daan, 1980). Decreasing clutch size and adjusting sex ratios, as observed in this study, are two potential methods to minimize resource expenditure without sacriﬁceing offspring number and quality. Clutch-size reduction  is  a common response to food  limitation in birds and  is widely considered to be a strategy that maximizes fitness (Lack, 1947; Klomp, 1970; Högstedt, 1980; Winkler, 1985). Reducing the number of eggs produced may allow individuals to maintain chick production and fitness under poor environmental conditions by allowing for increases in other forms of effort such as egg quality, resources per nestling, or allowing females to conserve greater energy reserves which may translate into greater parental care (Lack, 1947; Cody, 1966; Winkler and Walters, 1983; Martin, 1987).  Similarly, the total effort of raising a brood is determined not only by brood size, but the sex ratio of that brood (Øigarden and Lifjeld, 2012). If sexes differ in nutritional requirements, either at the egg or nestling stage,  sex ratio adjustment towards the less costly sex can greatly reduce parental effort and juvenile mortality (Nager et al., 2000; Kalmbach et al., 2001; Badyaev et al., 2002). 
Though a bias towards the production of daughters was clear in this study, it was not possible to confirm at what stage of development such bias may have occurred. In birds, females are the heterogametic sex and sex-ratio adjustment is presumably under maternal control (Oddie, 1998). Although the proximate mechanism involved in sex-ratio manipulation in vertebrates with chromosomal sex determination remains unclear (Alonso-Alvarez, 2006), and constraints on adjustment clearly exist (West and Sheldon, 2002), there is strong empirical evidence that birds can manipulate the sex of their offspring at the primary sex-ratio stage (West et al., 2002; Pike and Petrie, 2003; Cassey et al., 2006). Alternatively, the bias may occur at the secondary sex-ratio stage. Under this scenario, the bias favouring daughters would have occurred through elimination of males from an unbiased brood. Most sheathbills hatched two nestling, and one nestling died and disappeared in 30.5 % of nests before a sample could be collected and sex determined. It is possible a significant percentage of these nestling were male and suffered a disproportional mortality rate due to greater nutrient requirements associated with sexual dimorphism (Nager et al., 2000), greater sensitivity to adverse conditions (Fletcher and Hamer, 2004), or biased provisioning effort by parents in relation to offspring sex (Mainwaring et al., 2011). A bias at the primary sex-ratio stage may be more likely in food-limited sheathbills as the additional resources provisioned to a male embryo would not be wasted. However, male sheathbill nestling survival was significantly lower, at least within RH sheathbills, suggesting a bias at the secondary stage. 
While such reproductive trade-offs may be beneficial to individuals within a given year, under chronic environmental degradation the repeated practice of producing significantly more daughters will ultimately affect population structure and numbers. This may be especially true for monogamous species such as sheathbills where males are as valuable as females for reproduction (Rankin and Kokko, 2007). The adult sex ratio was found to be significantly biased in the Marion Island sheathbill population in 2008-11, both in the eastern study area, and the island as a whole.  By contrast, a random sample of adult sheathbills taken on mouse-free Prince Edward Island in 2010 was unbiased (32 males, 21 females,  = 1.92, p = 0.17; McClelland and Chown unpublished data), as was the population in the Kerguelen archipelago (Jouventin et al., 1996),  suggesting that the current skew on Marion Island is a response to ecological change.  Further, ringing data from 1974-77 suggests this skew is recent, as the adult sex ratio in the eastern study area was previously unbiased (111 males, 110 females,  = 0.57, p = 0.45; Alan Burger, unpublished data). Though both studies targeted breeding pairs in the summer season, attempts to ring all birds over the course of the two studies were made and the two datasets are presumed to be reliable estimations of sex ratios. As adult survival was found to be independent of sex, and in the absence of immigration and emigration, the most plausible driver of this change is the heavily biased sex ratio in offspring.  
Population growth
There was no evidence of a decline in the absolute sheathbill population between the 1970s and the current study. In this regard, the previously speculated decline between 1976-77 and the mid-1990s (Huyser et al., 2000) is also uncertain. However, the reliability of population estimates from previous studies is limited by the lack of confidence intervals associated with counts. Multiple independent surveys in this study confirmed high variation in annual population surveys, with estimates differing as much as 17.8 % within years. This high variation suggests that the detection probability of sheathbills is highly dynamic. This is likely because many sheathbills often shelter in or forage amongst the numerous cracks and crevices provided by Marion Island’s rocky coast and detection probabilities will vary with weather conditions, observer, or local habitats. Such variation can hide population trends (Link and Nichols, 1994; Shenk et al., 1998; Thompson et al., 1998). If this is the case for sheathbills, the demographic estimate of negative population growth determined by this study may have applied for some time. 
Whilst decades-long losses in sheathbill numbers were not detected, population modelling suggests that sheathbills are currently declining. Further, the decline in the reproductive population is outpacing that of the absolute population. While the number of breeding pairs is projected to decline by an average of 2.6 % over the first decade, the decline in the absolute population is forecast to average 0.8 %. The ability of population surveys to detect such a subtle decline is questionable given the high variance associated with current counts. 
The purpose of the demographic modelling was not to estimate the extinction probability of sheathbills per se, but to estimate the response of the sheathbill population to recent ecological change and the likely scenario of continued rockhopper penguin declines.  The two-sex density dependant population model used here demonstrated the importance of accounting for source-sink dynamics and density-dependence, as well as the potential effects of sex ratio, in regulating populations.  The model showed that because adult males outnumber the estimated number of breeding sites, density dependence is the greatest influence on the Marion Island sheathbill population under current conditions. However, because the production of offspring is highly biased towards females, the number of males is projected to eventually drop below this threshold, at which time the reproductive population will be limited by the relative availability of partners (Clutton-Brock and Parker, 1992). Termed the “marriage squeeze” (Schoen, 1983), the reproductive output of the population will decrease, which will lead to further population declines (Hamilton, 1967; West, 2009).  
The model also showed that production from KP sheathbills is sufficient to prevent the whole-island reproductive population from declining beyond 585 pairs. Indeed, because of this source dynamic from king penguin colonies, and in addition to exceptional adult survival, Marion Island sheathbills appear highly resistant to population crashes. Even under the scenario of breeding site losses of 75 % in rockhopper penguin colonies, the number of sheathbill breeding pairs is not projected to drop below more than 485. However, any decline in such a small population increases its risk of extinction (Pimm et al., 1988; Purvis et al., 2000; Traill et al., 2010). Though projection models predict the Marion Island sheathbill population to eventually stabilize, any further declines increase the population’s susceptibility to demographic (Melbourne and Hastings, 2008), environmental (Lande, 1993), and genetic stochasticity (Spielman et al., 2004). 
Conclusions
Results of this study suggest that Marion Island sheathbills are declining is response to the combined effects of invasive species and global climate change.  However, several processes and parameters require further investigation to reduce uncertainty and improve our understanding of the long-term effects of ecosystem change for Marion Island sheathbills. For example, the survival and reproduction estimates were taken over a relatively short time frame and thus cannot account for ecological and demographic stochasticity. Further, the variance associated with estimates of penguin numbers on the island, vital to estimating the number of sheathbill nesting sites in the case of rockhopper penguins, is unknown. It must also be reiterated that population models assume that sheathbill vital rates do not change in response to changes in population size or possible environmental conditions, an unlikely prospect. 
Further changes to the Marion Island environment and sheathbill ecology not addressed in this study are also possible. For example, global climate change is also predicted to have a negative impact on king penguin populations (Le Bohec et al., 2008). Such declines are unlikely to affect the number of sheathbills breeding in king penguin colonies on Marion Island, as the number of penguins far outweighs the number of sheathbill breeding sites. However, a decline in penguin numbers may have significant consequences for sheathbills in the form of increased resource competition and declines in body condition. Modifications in sheathbill social behaviour are also possible. When one sex becomes the limiting resource for the other, increased competition amongst the more common sex, or mate choosiness amongst the limited sex, is possible (Kvarnemo and Ahnesjo, 1996). Further, the intensity of this intrasexual selection is expected to increase as the sex ratio deviates from equality (Emlen and Oring, 1977).  However, ultimately how individuals respond to a long-term skew in sex ratios, and the demographic consequences of that response, remain poorly understood (Clutton-Brock et al., 2002; Cockburn et al., 2002; Le Galliard et al., 2005), leaving the long-term repercussions for Marion Island sheathbills difficult to predict. 
Finally, there is a significant lack of ecological knowledge for many island species. For example, despite being a high conservation priority, island birds remain significantly less studied than their continental counterparts (Brooks et al., 2008; de Lima et al., 2011). This study makes clear the need to document island species ecology in order to understand their current and possibly future responses to global change.  Many of the responses of sheathbills observed in this study are significant but subtle and would not have been evident through population monitoring alone, nor without the invaluable contribution of baseline historical data from previous work. 	
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Tables
Table 1: Sheathbill use of foraging habitat used in the east area on Marion Island, 1976-77 and 2008-11. Values are the mean number and proportion of each study area’s population (± SD).  
	Habitat and Season
	Number
	
	
	
	
	
	
	Proportion
	
	
	
	

	Winter (May-October)
	1976-77
	
	2008-11
	t
	df
	p
	
	1976-77
	
	2008-11
	w
	p

	King penguin colonies
	32.1
	± 10.9
	
	56.4
	± 11.0
	-7.341
	33.1
	<0.001
	
	15.6
	±   6.4
	
	43.6
	±   9.1
	6
	<0.001

	Rockhopper penguin colonies
	13.9
	±   8.1
	
	4.0
	±   6.2
	4.339
	26.4
	<0.001
	
	6.9
	±   5.0 
	
	10.5
	± 11.4
	
	ns

	Intertidal zone
	71.1
	± 43.2
	
	71.8
	± 28.8
	
	
	ns
	
	33.3
	± 17.2
	
	36.8
	± 17.9
	
	ns

	Biotic vegetation
	59.3
	± 25.9
	
	11.0
	± 11.5
	7.308
	19.5
	<0.001
	
	27.5
	± 11.3
	
	4.7
	±   4.5
	516
	<0.001

	Mire
	23.9
	± 27.0
	
	0.9
	±   2.8
	3.495
	16.2
	<0.01
	
	10.7
	± 11.9
	
	0.4
	±   0.9
	504
	<0.001

	Saltspray
	13.1
	±   9.6
	
	5.0
	±   4.0
	3.342
	19.1
	<0.01
	
	6.0
	±   4.1
	
	3.3
	±   2.7
	375
	0.02

	Slope
	0.2
	±   0.4
	
	1.6
	±   2.9
	-2.667
	32.0
	0.01
	
	0.1
	±   0.2
	
	0.6
	±   1.3
	
	ns

	Summer (November-April)
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	

	King penguin colonies
	60.9
	± 11.8
	
	58.3
	±   9.9
	
	
	ns
	
	34.1
	±   6.1
	
	45.3
	±   9.6
	96
	<0.001

	Rockhopper penguin colonies
	68.9
	± 22.8
	
	22.3
	± 11.8
	7.923
	20.4
	<0.001
	
	39.0
	± 13.0
	
	12.9
	± 12.8
	529
	<0.001

	Intertidal zone
	28.4
	± 22.0
	
	25.6
	± 12.8
	
	
	ns
	
	15.4
	± 10.9
	
	30.1
	± 15.1
	124
	0.001

	Biotic vegetation
	12.2
	± 11.1
	
	3.8
	±   4.0
	3.018
	18.1
	<0.01
	
	6.9
	±   6.6
	
	5.2
	±   6.1
	
	ns*

	Mire
	4.0
	±   2.8
	
	2.0
	±   3.7
	2.148
	41.0
	0.04
	
	2.2
	±   1.4
	
	2.0
	±   3.5
	410
	0.01

	Saltspray
	4.2
	±   3.2
	
	3.7
	±   3.3
	
	
	ns
	
	2.3
	±   1.8
	
	3.2
	±   2.8
	
	ns

	Slope
	0.2
	±   0.4
	
	1.2
	±   2.5
	-2.326
	36.1
	0.03
	
	0.1
	±   0.2
	
	1.2
	±   2.1
	
	ns


*Two-sample t-test found a significant difference; t = 2.02, df = 45.1, p = 0.049.
Table 2: Change in available energy (kJ ha-1) in the form of macroinvertebrates and the amount collectively removed by invasive mice in the mire and biotic habitats during the winter season (May to October) on Marion Island. Estimates of energy removed by mice do not account for mouse mortality or prey switching if energy needs are not met.  Note that years between estimates of available macroinvertebrate energy and removal by mice differ. 
	Available monthly macroinvertebrate energy (kJ ha-1)

	
	
	Mire
	
	Biotic

	
	
	May-Jun
	
	Jul-Aug
	
	Sep-Oct
	
	May-Jun
	
	Jul-Aug
	
	Sep-Oct

	1976-77
	
	774 207
	±1 053 508
	
	979 103
	±1 474 402
	
	1 136 780
	±1719937
	
	8 258 195
	±7 231 623
	
	6 331 615
	±2 261 942
	
	5 713 962
	±1 008 823

	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	

	1996-97
	
	88 689
	±    21 095
	
	49 145
	±    34 905
	
	209 172
	±  171220
	
	2 036 062
	±1 158 463
	
	3 774 071
	±  748 818
	
	3 212 583
	±2 498 340

	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	

	2006-07
	
	66 516
	±  113 912
	
	7 211
	±      6268
	
	24 605
	±    23546
	
	1 627 109
	±  882 457
	
	1 136 793
	±  839 946
	
	539 622
	±  702 709

	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	

	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	

	Estimated monthly energy collectively removed by invasive mice (kJ ha-1)

	
	
	Mire
	
	Biotic

	
	
	May-Jun
	
	Jul-Aug
	
	Sep-Oct
	
	May-Jun
	
	Jul-Aug
	
	Sep-Oct

	1979-80
	
	53 570
	±   15 871
	
	20 548
	±      3079
	
	13 031
	±        756
	
	198 739
	±    48 027
	
	105 413
	±      3 437
	
	90 077
	±     6 901

	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	

	1993-94
	
	102 724
	±     4 283
	
	102 299
	±      2849
	
	88 062
	±   23 740
	
	121 398
	±      3 730
	
	121 622
	±   22 566
	
	76 860
	±     7 761

	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	

	2008-11
	
	276 238
	± 196 857
	
	174 788
	± 18 6714
	
	63 583
	±   10 540
	
	114 354
	±      2 449
	
	92 697
	±   87 378
	
	138 033
	±  56 979

	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	




Table 3: Mean (± SD) masses (g) of breeding sheathbills in 1976-77, 1994-95, and 2008-11 in the east study area on Marion Island.   
	
	
	
	
	Early summer
	
	Late summer
	
	Early winter
	
	Late winter

	
	
	Study
	
	mass
	n
	p
	
	mass
	n
	p
	
	mass
	n
	p
	
	mass
	n
	p

	Females
	RH
	1976-77
	
	451.8 (± 34.2)
	19
	Aa
	
	443.6 (± 32.9)
	17
	0.03
	
	450.4 (± 21.6)
	13
	0.04
	
	460.9 (± 34.6)
	9
	0.001

	
	
	1994-95
	
	426.6 (± 32.2) 
	19
	B
	
	
	
	
	
	
	
	
	
	
	
	

	
	
	2008-11
	
	422.3 (± 22.2)
	8
	B
	
	420.0 (± 23.0)
	12
	
	
	433.3 (± 18.1)
	12
	
	
	405.4 (± 21.3)
	12
	

	
	KP
	1976-77
	
	460.5 (± 34.4)
	11
	ns
	
	475.9 (± 29.0)
	7
	ns
	
	477.9 (± 39.8)
	12
	0.05
	
	456.5 (± 19.3)
	8
	ns

	
	
	1994-95
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	

	
	
	2008-11
	
	446.9 (± 32.3)
	16
	
	
	440.0 (± 45.3)
	9
	
	
	450.6 (± 24.1)
	18
	
	
	451.9 (± 35.2)
	13
	

	Males
	RH
	1976-77
	
	487.0 (± 31.2)
	10
	ns
	
	504.0 (± 37.3)
	13
	0.03
	
	529.9 (± 38.4)
	17
	ns
	
	504.9 (± 22.5)
	14
	ns

	
	
	1994-95
	
	487.7 (± 38.1)
	15
	
	
	
	
	
	
	
	
	
	
	
	
	

	
	
	2008-11
	
	483.3 (± 38.9)
	12
	
	
	475.5 (± 18.3)
	10
	
	
	532.5 (± 28.6)
	6
	
	
	491.3 (± 48.7)
	8
	

	
	KP
	1976-77
	
	519.6 (± 35.4)
	13
	ns
	
	540.6 (± 40.9)
	18
	0.03
	
	539.3 (± 36.8)
	11
	ns
	
	512.7 (± 33.2)
	18
	ns

	
	
	1994-95
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	

	
	
	2008-11
	
	506.9 (± 20.5)
	8
	
	
	512.4 (± 39.3)
	23
	
	
	547.6 (± 32.5)
	18
	
	
	509.6 (± 32.1)
	13
	


a Tukey’s hsd (p<0.05), study years labelled with the same letter do not differ significantly


Table 4: Sheathbill counts conducted in the winter (July-September) and summer (November-December) seasons on Marion Island. Summer counts occurred prior to the breeding season. 
	Year
	Season
	Count
 (± SD)
	Independent 
Observers
	Source

	1976 
	winter
	3602
	1
	1

	1976 
	summer
	3711
	1
	1

	1994
	winter
	2628
	1
	1

	1994 
	summer
	3236
	1
	1

	1995
	winter
	3537
	1
	1

	1995 
	summer
	3028
	1
	1

	1996
	winter
	2850
	1
	1

	1996 
	summer
	2637
	1
	1

	2008
	winter
	3453 (± 312)
	4
	2

	2009
	winter
	4042 (± 201)
	4
	2

	2010
	winter
	4132 (± 274)
	3
	2

	2011
	winter
	4211 (± 188)
	2
	2


1 Huyser et al., (2000)
2 This study


Table 5: Sheathbill breeding parameters in the east study area on Marion Island, 1973-77, 1994-95, and 2008-11. 
	Years
	
	Clutch Size (presented as %)
	
	Productivity (mean fledglings per nest)

	
	
	1
	2
	3
	4
	F
	df
	Tukey hsda
	n
	
	AVG
	F
	df
	p
	n

	1973-77
	
	2.6
	47.4
	47.4
	2.6
	14.45
	146
	A
	38
	
	1.07 (± 0.89)
	0.48
	190
	ns
	42

	1994-95
	
	18.2
	72.7
	9.1
	0.0
	
	
	B
	22
	
	0.92 (± 0.69)
	
	
	
	26

	2008-11
	
	11.4
	76.1
	12.5
	0.0
	
	
	B
	88
	
	0.95 (± 0.70)
	
	
	
	123


a Tukey’s hsd (p<0.05), study years labelled with the same letter do not differ significantly. 

Table 6: Relationship between habitat, sex ratio, nestling survival and adult female body mass (± SD) on Marion Island, 2010-11. Sex ratio indicates males. Nestling survival refers only to the post-brooding stage. 
	Sheathbill habitat
	Secondary
sex ratio
	Tertiary sex ratio
	Adult female body mass
	
	Male nestling survival
	Female nestling survival
	n

	Rockhopper penguin colony
	0.292
	0.253
	430.9 (± 33.5)
	
	78.6 %
	95.6 %
	92

	King penguin colony
	0.424
	0.364
	459.6 (± 34.8)
	
	85.7 %
	95.5 %
	36





Table 7:  Summary of model selection for sheathbill survival on Marion Island. ϕ and p indicate survival rate and recapture rate, respectively. Additive effects are denoted by ‘+’, interactive effects by ‘*’. Model selection was based on Akaike’s Information Criterion adjusted for overdispersion and sample size (QAICc), where a smaller value indicates a better model. ∆QAICc is the difference in QAICc between the current model and the best. QAICc weights give the relative support each model has compared to the others, and K is the number of parameters. QDeviance is the model deviance divided by the variance inflation factor ĉ. Models with ∆QAICc > 7 only are shown.
	
	
	Model
	QAICc
	∆QAICc
	QAICc weights
	K
	QDeviance

	Non-breeding birds
	1
	ϕ(habitat + study area + age + season + habitat * age * season) p(study area + age + time + study area * time)
	2269.290
	0
	0.244
	24
	460.498

	
	2
	ϕ(habitat + study area + age + season + habitat * age) p(study area + age + time + study area * time)
	2269.624
	0.335
	0.206
	22
	460.833

	
	3
	ϕ(habitat + study area + age + season) p(study area + age + time + study area * time)
	2269.657
	0.367
	0.203
	20
	464.978

	
	4
	ϕ(habitat + study area + age + season + habitat * season) p(study area + age + time + study area * time)
	2269.841
	0.522
	0.185
	21
	463.107

	
	5
	ϕ(habitat + study area + age + season + age * season) p(study area + age + time + study area * time)
	2271.341
	2.051
	0.087
	21
	464.607

	
	6
	ϕ(habitat + age + season + habitat * age) p(study area + age + time + study area * time)
	2273.912
	4.622
	0.024
	20
	469.233

	
	7
	ϕ(habitat + study area + age + season) p(habitat + age + time + habitat * time)
	2274.496
	5.203
	0.018
	19
	471.867

	
	8
	ϕ(habitat + study area + age + season) p(habitat + age + time)

	2275.677
	6.387
	0.010
	15
	481.233

	Breeding adults
	1
	ϕ(season) p(habitat + study area + sex + time + sex * time)
	891.262
	0
	0.337
	15
	214.777

	
	2
	ϕ(.) p(habitat + study area + sex + time + sex * time)
	891.580
	0.319
	0.287
	13
	219.182

	
	3
	ϕ(season) p(habitat + study area + time)
	893.710
	2.448
	0.099
	10
	227.418

	
	4
	ϕ(habitat + season) p(habitat + study area + time)
	894.418
	3.156
	0.070
	11
	226.094

	
	5
	ϕ(season) p(habitat + study area + sex + time)
	895.100
	3.838
	0.049
	11
	226.776

	
	6
	ϕ(season) p(habitat + site + time + study area * time)
	895.373
	4.111
	0.043
	14
	220.933

	
	7
	ϕ(habitat + season) p(habitat + study area + sex + time)
	895.915
	4.654
	0.031
	12
	225.556

	
	8
	ϕ(habitat + season + habitat * season) p(habitat + study area + time)
	896.236
	4.974
	0.028
	12
	225.876

	
	9
	ϕ(habitat + sex + season) p(habitat + study area + time)
	896.424
	5.162
	0.026
	12
	226.064

	
	10
	ϕ(habitat + sex + season) p(habitat + study area + sex + time)
	897.952
	6.690
	0.019
	13
	225.554



Table 8: Estimates of mean sheathbill demographic parameters used in matrix population models. Whole-island estimates of mean fledgling production are weighted according to the proportion of sheathbills in each habitat. Variance for weighted means was calculated using ratio variance approximation (Cochran 1977). ϕ indicates a six-month survival rate; lcl indicates lower 95 % confidence limit; ucl indicates upper 95% confidence limit. Whole-island estimates of mean apparent survival were obtained by constraining survival models to exclude habitat and study area. Estimates of mean apparent survival for RH and KP sheathbills were obtained by constraining survival models to exclude study area. 

	
	Whole-island
	
	RH sheathbills
	
	KP sheathbills
	

	Starting population values
	
	
	
	
	
	
	
	
	
	
	
	

	Juvenile females
	
	
	
	
	230
	
	
	
	100
	
	
	

	Juvenile males
	
	
	
	
	55
	
	
	
	80
	
	
	

	Subadult females
	
	
	
	
	180
	
	
	
	40
	
	
	

	Subadult males
	
	
	
	
	90
	
	
	
	40
	
	
	

	Adult females
	
	
	
	
	1600
	
	
	
	200
	
	
	

	Adult males
	
	
	
	
	1300
	
	
	
	200
	
	
	

	
	
	
	
	
	
	
	
	
	
	
	
	

	Reproduction
	
	
	
	
	
	
	
	
	
	
	
	

	Probability of males breeding
	0.793
	
	
	
	
	
	
	
	
	
	

	Estimated available nests
	
	
	
	
	1000
	
	
	200
	
	
	

	Males fledged per nest
	0.24
	(±0.04 SD)
	
	0.22
	(±0.04 SD)
	
	0.31
	(±0.06 SD)
	

	Females fledged per nest
	0.69
	(±0.06 SD)
	
	0.67
	(±0.13 SD)
	
	0.74
	(±0.15 SD)
	

	
	
	
	
	
	
	
	
	
	
	
	
	

	Mortality
	
	
	
	
	
	
	
	
	
	
	
	

	
	ϕ
	lcl
	ucl
	
	ϕ
	lcl
	ucl
	
	ϕ
	lcl
	ucl
	

	Juvenile survival a
	
	
	
	
	
	
	
	
	
	
	
	

	Summer
	0.671
	0.521
	0.822
	
	0.636
	0.484
	0.765
	
	0.838
	0.657
	0.933
	

	Winter
	0.602
	0.414
	0.790
	
	0.558
	0.454
	0.657
	
	0.811
	0.677
	0.897
	

	
	
	
	
	
	
	
	
	
	
	
	
	

	Subadult survival 
	
	
	
	
	
	
	
	
	
	
	
	

	summer
	0.880
	0.852
	0.908
	
	0.874
	0.754
	0.940
	
	0.912
	0.747
	0.973
	

	winter
	0.868
	0.807
	0.928
	
	0.853
	0.722
	0.929
	
	0.935
	0.829
	0.977
	

	
	
	
	
	
	
	
	
	
	
	
	
	

	Breeding adult survival
	
	
	
	
	
	
	
	
	
	
	
	

	summer
	0.979
	0.955
	0.991
	
	0.981
	0.954
	0.992
	
	0.979
	0.953
	0.991
	

	winter
	0.962
	0.930
	0.979
	
	0.962
	0.930
	0.980
	
	0.959
	0.916
	0.980
	






Figure Legends
Figure 1: Marion Island showing localities mentioned in the text. Circles indicate the east (green), north (orange) and west (red) study areas. 
Figure 2: Life-cycle diagram composed of four groups (male KP sheathbills, female KP sheathbills, male RH sheathbills, and female sheathbills) for Marion Island sheathbills based on a pre-breeding census. Notation includes: ϕ = probability of survival, Ψ = carrying capacity, R = fecundity, and p = sex ratio at fledge. Subscripts include: m = male, f = female, k = KP sheathbills, r = RH sheathbills, 1 = juveniles, 2 = subadults (2 yr-olds), 3 = subadults (3 yr-olds), 4 = adults, w = winter, and s = summer. 
Figure 3: a) Mean (± SD) monthly total abundance of sheathbills in the east study area in 1976-77 (black), 1994-95 (red), and 2008-11 (blue) and mean monthly abundances of sheathbills in b) coastal and inland vegetation, c) the intertidal zone, d) rockhopper penguin colonies, and e) king penguin colonies.  The vertical dashed grey lines delineate the winter (May-October) and summer (November to April) seasons. Study periods labelled with the same letters do not differ significantly on a seasonal basis (Tukey’s hsd, p <0.05, following ANOVA). The high variance for the month of June in 1976-77 in some habitats is due to a survey during heavy snow cover which prevented sheathbills from foraging inland (Burger, 1981a).
Figure 4: Sheathbill projected breeding population sizes over a 300-year time period on Marion Island under current demographic parameters (solid line), a 50 % reduction in RH sheathbill breeding sites (dashed line), and a 75 % reduction in RH sheathbill breeding sites (dotted line). Black lines refer to the absolute population size including juveniles, subadults, and adults. Red and blue lines refer to the number of adult females and males, respectively. 
Figure 5: Distribution and habitat use of sheathbills on Marion Island in August 2009 (with Flannery compensation). Abandoned macaroni (the three largest concentrations of sheathbills on the east coast) and rockhopper penguin colonies (the remainder of sheathbills) were combined under “Abandoned Crested Penguin colony”.
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Supplementary Materials
Supplementary Table A1: Shapiro-Wilkes normality test after logit-transformation of the proportion of sheathbills in foraging habitats in the east study area on Marion Island in 1976-77 and 2008-11.
	Habitat
	
	Winter
	
	Summer

	
	
	w
	p
	
	w
	p

	King penguin colonies
	
	0.903
	0.001
	
	0.990
	ns

	Rockhopper penguin colonies
	
	0.915
	0.002
	
	0.850
	<0.001

	Intertidal zone
	
	0.986
	ns
	
	0.969
	ns

	Biotic vegetation 
	
	0.956
	ns
	
	0.962
	ns

	Mire vegetation
	
	0.778
	<0.001
	
	0.858
	<0.001

	Saltspray vegetation
	
	0.969
	ns
	
	0.936
	ns

	Slope vegetation
	
	0.583
	<0.001
	
	0.647
	<0.001





Supplementary Table A2: Two sample t-tests of the proportion of sheathbills in foraging habitats in the east study area on Marion Island in 1976-77 and 2008-11 for habitats that were found to have a normal distribution.
	Habitat
	
	Winter
	
	Summer

	
	
	t
	df
	p
	
	t
	df
	p

	King penguin colonies
	
	
	
	
	
	-4.835
	43.02
	<0.001

	Rockhopper penguin colonies
	
	
	
	
	
	
	
	

	Intertidal zone
	
	-0.382
	37.07
	ns
	
	-3.793
	30.06
	0.001

	Biotic vegetation 
	
	9.526
	45.98
	<0.001
	
	2.027
	45.07
	0.049

	Mire vegetation
	
	
	
	
	
	
	
	

	Saltspray vegetation
	
	2.636
	33.73
	0.013
	
	
	
	

	Slope vegetation
	
	
	
	
	
	
	
	





Supplementary Table A3: Mann-Whitney-Wilcoxon test of the proportion of sheathbills in foraging habitats in the east study area on Marion Island in 1976-77 and 2008-11.
	Habitat
	
	Winter
	
	Summer

	
	
	w
	p
	
	w
	p

	King penguin colonies
	
	6.0
	<0.001
	
	92.5
	<0.001

	Rockhopper penguin colonies
	
	267.0
	ns
	
	529.0
	<0.001

	Intertidal zone
	
	228.0
	ns
	
	124.0
	0.001

	Biotic vegetation 
	
	516.0
	<0.001
	
	372.0
	ns

	Mire vegetation
	
	504.0
	<0.001
	
	410.0
	0.013

	Saltspray vegetation
	
	375.0
	0.017
	
	254.5
	0.496

	Slope vegetation
	
	220.0
	ns
	
	210.0
	ns




Supplementary Table A4: Mean (± SD) numbers and proportions of sheathbills occurring in different habitats during the winter and summer seasons in the East, North and West study areas at Marion Island, 2008-11. Shaded entries indicate biotic vegetation manured by specific species groups on the island. They are summed and presented as “Biotic vegetation (Total)”. 

	Habitat and Season
	
	Numbers a
	
	
	Proportion

	
	
	East
	
	North
	
	West
	
	East
	
	North
	
	West

	Winter (May-October)
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	

	King penguin colonies
	
	56.4
	± 11.0
	
	87.2
	± 14.1
	
	NA
	
	
	43.6
	±   9.1
	
	60.5
	± 9.8
	
	NA
	

	Rockhopper penguin colonies
	
	4.0
	±   6.2
	
	6.7
	±   5.8
	
	4.5
	±   6.4
	
	10.5
	± 11.4
	
	4.9
	± 4.4
	
	2.5
	±   3.6

	Intertidal zone
	
	71.8
	± 28.8
	
	14.0
	± 12.0
	
	90.3
	± 50.4
	
	36.8
	± 17.9
	
	9.3
	± 7.4
	
	53.2
	± 27.2

	Biotic vegetation (fur seal)
	
	3.8
	±   5.4
	
	6.2
	±   5.7
	
	31.3
	± 30.8
	
	2.4
	±   3.5
	
	4.3
	± 4.2
	
	16.4
	± 13.9

	Biotic vegetation (petrel spp)
	
	0.3
	±   0.6
	
	0.9
	±   2.0
	
	3.2
	±   7.4
	
	0.2
	±   0.4
	
	0.5
	± 1.3
	
	1.8
	±   4.3

	Biotic vegetation (albatross spp)
	
	0.1
	±   0.3
	
	0.8
	±   2.1
	
	1.0
	±   1.6
	
	0.1
	±   0.2
	
	0.5
	± 1.3
	
	0.6
	±   0.9

	Biotic vegetation (Crozet shag)
	
	0.9
	±   1.0
	
	0.8
	±   1.1
	
	1.6
	±   2.2
	
	0.7
	±   0.8
	
	0.5
	± 0.8
	
	1.0
	±   1.4

	Biotic vegetation (gentoo penguin)
	
	1.7
	±   3.3
	
	0.7
	±   1.5
	
	NA
	
	
	1.0
	±   1.9
	
	0.5
	± 1.0
	
	NA
	

	Biotic vegetation (unknown)
	
	4.2
	± 10.5
	
	5.5
	± 11.6
	
	0.7
	±   1.4
	
	2.5
	±   5.6
	
	3.2
	± 6.3
	
	2.1
	±   7.8

	Biotic vegetation (Total)
	
	11.0
	± 11.5
	
	14.8
	± 12.2
	
	37.9
	± 32.9
	
	4.7
	±   4.5
	
	9.6
	± 6.9
	
	21.8
	± 16.6

	Mire vegetation
	
	0.9
	±   2.8
	
	3.9
	±   6.8
	
	2.0
	±   2.6
	
	0.4
	±   0.9
	
	2.5
	± 4.0
	
	1.2
	±   1.8

	Saltspray vegetation
	
	5.0
	±   4.0
	
	17.4
	± 11.2
	
	34.2
	± 31.8
	
	3.3
	±   2.7
	
	11.5
	± 6.8
	
	19.6
	± 17.3

	Slope vegetation
	
	1.6
	±   2.9
	
	2.9
	±   3.8
	
	3.1
	±   6.6
	
	0.6
	±   1.3
	
	1.9
	± 2.3
	
	1.6
	±   3.0

	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	

	Summer (November-April)
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	
	

	King penguin colonies
	
	58.3
	±   9.9
	
	80.1
	± 15.9
	
	NA
	
	
	45.3
	±   9.6
	
	53.1
	±   8.3
	
	NA
	

	Rockhopper penguin colonies
	
	22.3
	± 11.8
	
	38.5
	± 15.5
	
	92.6
	± 36.1
	
	12.9
	± 12.8
	
	26.2
	± 11.7
	
	50.3
	± 21.0

	Intertidal zone
	
	25.6
	± 12.8
	
	10.4
	± 10.0
	
	68.6
	± 35.2
	
	30.1
	± 15.1
	
	6.4
	±   5.7
	
	34.7
	± 14.1

	Biotic vegetation (fur seal)
	
	2.2
	±   3.4
	
	3.2
	±   4.5
	
	11.8
	± 19.4
	
	1.8
	2.7
	
	2.1
	±   3.0
	
	5.5
	±   8.9

	Biotic vegetation (petrel spp)
	
	0.2
	±   0.9
	
	0.3
	±   0.7
	
	0.6
	±   1.2
	
	0.2
	0.8
	
	0.2
	±   0.5
	
	0.3
	±   0.7

	Biotic vegetation (albatross spp)
	
	0.0
	±   0.2
	
	0.1
	±   0.4
	
	0.1
	±   0.3
	
	0.0
	0.2
	
	0.1
	±   0.2
	
	0.0
	±   0.2

	Biotic vegetation (Crozet shag)
	
	0.3
	±   0.7
	
	0.4
	±   0.9
	
	0.7
	±   1.4
	
	0.3
	0.5
	
	0.2
	±   0.6
	
	0.4
	±   0.7

	Biotic vegetation (gentoo penguin)
	
	0
	
	
	0.1
	±   0.2
	
	NA
	
	
	0
	
	
	0.0
	±   0.2
	
	NA
	

	Biotic vegetation (unknown)
	
	1.0
	±   1.8
	
	0.4
	±   2.0
	
	1.5
	±   5.4
	
	0.8
	1.5
	
	0.2
	±   1.1
	
	1.4
	±   5.8

	Biotic vegetation (Total)
	
	3.8
	±   4.0
	
	2.2
	±   5.9
	
	1.7
	±   5.1
	
	5.2
	±   6.1
	
	1.5
	±   3.7
	
	1.4
	±   5.0

	Mire vegetation
	
	2.0
	±   3.7
	
	5.4
	±   8.4
	
	1.3
	±   2.6
	
	2.0
	±   3.5
	
	3.0
	±   4.6
	
	0.6
	±   1.2

	Saltspray vegetation
	
	3.7
	±   3.3
	
	10.7
	±   8.4
	
	10.9
	± 10.8
	
	3.2
	±   2.8
	
	7.0
	±   5.5
	
	5.3
	±   4.5

	Slope vegetation
	
	1.2
	±   2.5
	
	4.5
	±   4.8
	
	14.7
	± 19.3
	
	1.2
	±   2.1
	
	2.9
	±   3.3
	
	7.6
	±   9.8


a Sample sizes (number of surveys) are as follows: East winter n = 30, East summer n = 34, North winter n = 28, North summer n = 31, West winter n = 23, West summer n = 29. 


Supplementary Table A5:  Mean (± SD) numbers and proportion of sheathbills occurring in different habitats on Marion Island, 2008-11, based on winter (August-September) surveys. Shaded entries indicate biotic vegetation manured by specific species groups on the island. They are summed and presented as “Biotic vegetation (Total)”. 
	Habitat
	Numbers a
	
	Proportion

	
	2008
	2009
	2010
	2011
	
	2008
	2009
	2010
	2011

	King penguin colonies
	1498.5
	± 136.5
	1727.0
	± 76.5
	1807.5
	±     7.8
	1446.0
	±   48.1
	
	40.6
	± 2.5
	42.8
	± 1.1
	45.5
	± 1.1
	37.4
	± 3.7

	Rockhopper penguin colonies
	96.0
	±   36.8
	86.5
	± 14.3
	18.0
	±   22.6
	80.5
	±   13.4
	
	2.6
	± 1.0
	2.1
	± 0.3
	0.5
	± 0.6
	2.1
	± 0.5

	Macaroni penguin colonies
	368.5
	±   24.7
	292.0
	± 48.9
	235.0
	±   79.2
	408.5
	±   13.4
	
	10.1
	± 0.6
	7.2
	± 0.8
	5.9
	± 2.1
	10.5
	± 0.4

	Intertidal zone
	785.5
	±   33.2
	1012.5
	± 45.5
	1407.0
	±   28.3
	845.5
	± 187.4
	
	21.3
	± 0.4
	25.1
	± 0.5
	35.4
	± 1.4
	21.7
	± 3.4

	Biotic vegetation (fur seal)
	302.0
	±     0.0
	297.3
	± 29.6
	53.5
	±   27.6
	157.0
	±   15.6
	
	8.2
	± 0.2
	7.3
	± 0.5
	1.3
	± 0.7
	4.1
	± 0.7

	Biotic vegetation (petrel spp)
	236.5
	±     3.5
	63.8
	±   6.8
	15.0
	±   21.2
	29.5
	±     2.1
	
	6.4
	± 0.1
	1.6
	± 1.0
	0.4
	± 0.5
	0.8
	± 0.0

	Biotic vegetation (albatross spp)
	24.5
	±     3.5
	12.3
	±   3.4
	11.5
	±     2.1
	55.5
	±     0.7
	
	0.7
	± 0.1
	0.3
	± 0.1
	0.3
	± 0.1
	1.4
	± 0.1

	Biotic vegetation (Crozet shag)
	30.5
	±   27.6
	40.3
	±   3.2
	34.0
	±     1.4
	0
	
	
	0.8
	± 0.8
	1.0
	± 0.0
	0.9
	± 0.0
	0
	

	Biotic vegetation (gentoo penguin)
	24.0
	±   12.0
	55.0
	±   7.8
	27.0
	±     8.5
	49.0
	±     7.1
	
	0.7
	± 0.0
	1.4
	± 0.2
	0.7
	± 0.2
	1.3
	± 0.1

	Biotic vegetation (unknown)
	20.5
	±     9.2
	4.0
	±   2.0
	30.0
	±     4.2
	42.0
	±     9.9
	
	0.6
	± 0.3
	0.0
	± 0.0
	0.8
	± 0.1
	1.1
	± 0.2

	Biotic vegetation (Total)
	638.0
	±   43.8
	472.5
	± 50.8
	171.0
	±   65.1
	333.0
	±   35.4
	
	17.3
	± 1.5
	11.6
	± 1.0
	4.3
	± 1.6
	8.6
	± 1.0

	Mire vegetation
	47.5
	±   19.1
	18.0
	±   7.1
	19.5
	±   26.2
	90.0
	±   17.0
	
	1.3
	± 0.6
	0.5
	± 0.2
	0.5
	± 0.7
	2.3
	± 0.3

	Saltspray vegetation
	170.5
	±     9.2
	259.0
	± 31.2
	235.0
	± 169.7
	404.0
	±   46.7
	
	4.6
	± 0.4
	5.9
	± 0.9
	5.9
	± 3.8
	10.4
	± 0.5

	Slope vegetation
	61.5
	±     4.9
	161.8
	± 25.6
	5.0
	±     4.2
	235.5
	±   38.9
	
	1.7
	± 0.2
	4.0
	± 0.6
	0.1
	± 0.1
	6.1
	± 0.6

	Fjaeldmark vegetation
	16.5
	±     9.2
	1.5
	±   1.7
	0
	
	34.0
	±     5.7
	
	0.4
	± 0.2
	0.0
	± 0.0
	0
	
	0.9
	± 0.1


a Sample sizes (number of independent surveyors) are as follows: 2008 n = 2, 2009 n = 4, 2010 n = 2, 2011 n =2.

[image: ]
Supplementary Figure A1: The sex of five individual sheathbill chicks on Marion Island as indicated by the number of bands resolved on agarose gel. The arrow indicates bands specific to sex determination. “M” and “F” indicate male and female birds, respectively.
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